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PART I. Aggregation kinetics of semiconductor nanoparticles in 
the environmentally relevant water chemistries. 

 
Summary/Abstract 

To develop a robust QSAR model capable of predicting toxicity of semiconductor nanomaterials, we 
need to gain insight into the key physicochemical properties that govern their environmental fate and 
transport.  Characterizations of particle stability and aggregation are essential for understanding their 
environmental and biological impacts (1-4) and are also the basis for validating and normalizing the results 
of different toxicity experiments (5-7).  Aggregation of AgNPs changes particle size and morphology, which 
may significantly influence the biological interactions (e.g., the ability of translocation across the cell 
membrane surfaces) and thus the antibacterial activity (8, 9).  To this end, we studied the aggregation kinetics 
of CeO2 nanoparticles and silver nanoparticles (AgNPs) and on the basis of our results we observed that 
particle size, surface tension, environmental conditions (e.g., pH, ionic strength and temperature) are all 
important for the aggregation kinetics.  The unique feature of AgNPs is that under the open and closed 
systems they exhibited different aggregation kinetics, which is largely ascribed to the oxidation of silver and 
the subsequent silver ion release and speciation in open systems.  It is found that aggregation rates in open 
systems were much greater than those in close systems; and small AgNPs had a higher aggregation rate than 
large AgNPs. In summary, three papers have been published; three manuscripts are under revision; and 
two manuscripts were submitted under this project.  

 
Technical Results and Data 
1. Aggregation kinetics of CeO2 nanoparticles and modeling analysis  
1.1. Characterizations of CeO2 NPs 

The wide range of applications of silver nanoparticles (AgNPs) in food processing, clothing and other 
household products provides many opportunities for their release into the environment (4, 9-12).  There is 
much evidence of NP toxicity to bacteria (13, 14), aquatic organisms (15, 16), and mammalian cells (17-20), 
which makes it imperative to understand the likelihood of the exposure, fate, transport, and transformation of 
AgNPs in complex and realistic environmental matrices (21, 22).   

Aggregation kinetics of CeO2 nanoparticles (NPs) was studied by time-resolved dynamic light 
scattering (TR-DLS) experiments and the data was interpreted with Derjaguin−Landau−Verwey−Overbeek 
(DLVO) theory and. Figure 1a shows the zeta potential over different pHs and Figure 1b shows the particle 
size distribution (PSD) diagram of CeO2 NPs dispersed in suspension with a concentration of 1 g/L and the 
mean hydrodynamic diameter was approximately 190 nm with the polydispersivity index (PDI) of 0.18. The 
morphology of CeO2 NPs was studied by AFM and Figure 1c and 1d show the topography images of CeO2 
NPs in dense and scattered states. CeO2 NPs were close to spherical in shape with a relatively uniform size 
distribution. These images may reflect the morphologies of CeO2 NPs as aggregates and individual particles, 
respectively. The size of CeO2 NPs was approximately 20 - 25 nm as measured from these AFM images, 
which is consistent with the vendor’s data. 

To investigate the effect of ionic strength on aggregation kinetics, pH was kept constant at 5.6 and the 
ionic strength of the solution changed. Figure 2a shows that the hydrodynamic diameters increased fastest at 
the highest ionic strength (0.1 M), with the speed decreasing as ionic strength decreased. Clearly, at pH 5.6 
and low ionic strength (0.002 ~ 0.01 M), electrostatic repulsion dominated, and thus almost no aggregation 
was observed during the experimental period. Overall, high ionic strength (0.025 ~ 0.1 M) led to a high 
aggregation rate.  The increased particle aggregation rate at high ionic strength (0.025 ~ 0.1 M) was caused 
by a decrease in the repulsion or energy barrier. This can be verfied by calculating the interaction energy 
profiles with DLVO theory. The total interation energy was calculated by classic DLVO theory with the Eq. 
(1a).  
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1.2. The discrepency classic DLVO theory in predicting aggregation kinetics  
Figure 2b shows that an the ionic strength below 0.005 M, a large energy barrier prevented aggregation. 

For example, according to the TR-DLS data, aggregation could barely occur at the ionic strength of 0.002 M. 
In contrast, with an ionic strength above 0.005 M, the energy barrier diminished greatly, and aggregation of 
CeO2 NPs could occur instantly. This prediction is consistent with the aggregation experiments for 0.025 M 
and 0.1 M. However, at 0.005 M and 0.01 M, the associated energy barriers were nearly zero or even 
negative, but the anticipated aggregation was not observed at all. These discrepancies between DLVO 
predictions and experimental results have also been reported in other studies (23-26) and ascribed to several 
likely causes, as mentioned in the introduction. One simple explanation is that DLVO does not consider 
surface heterogeneity (27-30). Classic DLVO theory treats the interacting surface as an infinitely smooth 
surface (i.e., molecularly smooth), which does not actually exist (30-33). Thus, the aggregation attachment 
efficiency α (otherwise known as the inverse stability ratio, 1/W), derived from the DLVO theory was also 
found to deviate from the slopes of experimental aggregation curves, as reported previously (34, 35).  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 1 (a) Particle size distribution of CeO2 NPs in DI water with a concentration of 1 g/L. (b) Zeta potential under different pH 
with 0.01 M KCl as the reference electrolyte. (c) and (d) AFM images of CeO2 NPs in dense and scattered states. The white scale 
bar is equal to 50 nm in (c) and 30 nm in (d). 
 
1.3. Modeling the aggregation kinetics  

To overcome the DLVO discrepancy from experimental observations, we employed EDLVO which 
considers the acid-base interaction to account for the non-DLVO effects. Moreover, we also related the 
activation energy ( aE ) in Arrhenius form to the energy barrier (Eb) in the DLVO interaction energy (36). 
This relation assumes aggregation as a 2nd-order chemical reaction with monosized CeO2 NPs as the reactants 
in the initial aggregation stage. Below equation is the aggregation rate (equivelant to the reaction rate) using 
Arrhenius equation:  

min 22 1/2 1/2 1/2 1/2 24 3( ) ( ) exp( )b
C A B A A

B

E
r KC K T R t N C

K T
φ

ρ− − −
= =                                                                          (1) 

2
AC  is further expressed as: 
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where M is the mass concentration of CeO2 NPs initially applied in the aggregation experiment, which was a 
constant (10 mg/L) in all TR-DLS experiments. Substituting (2) into (1) yields: 

min 22 2 1/2 2.5 0.5 5.59 3 ( ) ( ) exp( )
4

b
C B A

B

E
r M K T N R t

K T
φ

π ρ− − − − −
=                                                                            (3) 

This equation is named the Arrhenius-EDLVO kinetics equation, and except for min 25.5( ) exp( )b

B

E
R t

K T
φ− − −

, 

all the other terms can be treated as constants. min 2bE φ−  can be obtained from the interaction energy profile 

given that the particle radius R(t) is fixed and 1.5 mJ/m2 is used for
0,

AB
iwi DGΔ .  Eq. (3) was used to analyze the 

aggregation kinetics of CeO2 in Figure 3a, which has a common feature in different kinetic periods of 
aggregation: stage 1 (linear growth stage), stage 2 (deceleration growth stage), and stage 3 (stationary growth 
stage). During stage 1, the hydrodynamic radius grew almost linearly from the initial 100 nm to 
approximately 280 nm, and the aggregates were nearly monosized, as seen from the narrow distribution of 
data points. In stage 2, a transition state, the aggregation rate decreased because the hydrodynamic radius 
increased more slowly than in stage 1. In stage 3 the particle radius growth almost ceased, and the PSD 
became more scattered.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2. (a) Aggregation kinetics of CeO2 NPs under different ionic strengths. (b) Interaction energy between CeO2 NPs under 
different ionic strengths calculated from classic DLVO theory. In the bottom right of (b), Table 1 presents important parameters 
used in the interaction energy calculation. 
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Five particle radii were randomly chosen from each stage to calculate the aggregation rate (rC) with Eq. 

(7); these rates which are shown in the left Y-axis of Figure 3b. The aggregation rate constant (K) was also 
calculated and is shown on the right Y-axis of Figure 3b. The slopes corresponding to these different radii 
were readily measured from the aggregation kinetics curves in Figure 3a and are shown on the X-axis. Plots 
of the aggregation rates or rate constants versus the slopes of the hydrodynamic radii are shown in Figure 3b. 
Higher aggregation rates and rate constants correspond to larger slopes, which is congruent with the 
experimental data in Figure 3a. The fitting equations indicate that the slopes were correlated to the calculated 
aggregation rates and the rate constants in exponential functions (y=346.75e14.268x) and (y=5E-6e8.9423x), 
respectively, with the correlation coefficients (R2) of 0.9776 and 0.9644. This is probably reasonable because 
according to the Rayleigh-Gans-Debye approximation (37, 38), the slope of the aggregation kinetics curve is 
only equivalent to the aggregation rate for primary particles that are relatively small compared to the incident 
wavelength. In contrast, with the Arrhenius-EDLVO kinetics equation, we derive the potential relations 
between the slope and aggregation rate or rate constant at each stage, not merely the initial aggregation phase. 

In stages 2 and 3, the approximation of monosized CeO2 NPs in the aggregates seems not to hold, 
based on Figure 3a. However, the top of Figure 3a shows a typical PSD diagram and the mean radius chosen 
from each stage (101, 300, and 407 nm). In contrast to the hydrodynamic radius curve below, the PSDs give 
better statistical distributions of the particle sizes in suspension. Based on their PDI values, which were less 
than 0.5, CeO2 NPs in stages 2 and 3 are still considered to be monodispersed. Thus, the calculated 
aggregation rates still correlated well with the slopes (in the low value range) as Figure 3b shows.   
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3. (a) Aggregation kinetics curve of CeO2 NPs at an ionic strength of 0.02 M. Black datapoints represents the 
hydrodynamic radius at each reading by the DLS On the top are PSD diagrams at the three stages. (b) Aggregation rates calcuated 
from Eq. (3) versus the slopes measured from the above aggregation kinetics curve at different aggregation stages. The radii in 
aggregation stage 1 include 100, 150, 200, 250, and 280nm; stage 2:290, 300, 330, 360, and 390 nm; and stage 3: 400, 410, and 
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420 nm. The calculated aggregation rate on the left Y-axis has the unit of 25 2 2 1/2 2.5 0.59 3 10 ( )
4 B AM K T Nπ ρ− − −⋅ ⋅ , the calculated aggregation 

rate constant on the right Y-axis has the unit of 7 2 2 1/2 2.5 0.59 3 10 ( )
4 B AM K T Nπ ρ− −⋅ ⋅ , and the slope on the X-axis has the unit of ( )dR t

dt
⎡ ⎤
⎢ ⎥⎣ ⎦

. All 

the terms in the above equations use SI units. 

1.4. Modeling the ionic strength effect on the aggregation kinetics  
To further validate the applicability of Arrhenius-EDLVO kinetics equation, we investigated the effect 

of ionic strength on aggregation kinetics, the aggregation kinetics data under the ionic strengths of 0.01, 0.02, 
0.025, 0.05, 0.075, and 0.1 M in Figure 2a and Figure 3a were used. Three typical aggregate radii (125, 160, 
and 200 nm) were chosen for the calculation. For each aggregate radius, the slopes corresponding to different 
ionic strengths were measured directly from the aggregation kinetics curves. The same three radii were used 
to calculate aggregation rates, and 1.5 mJ/m2 was again used for

0,
AB

iwi DGΔ . The total interaction energy profiles 
under the six ionic strengths are shown in Figure 4a. Ionic strength clearly caused the interaction energies of 
the same-sized CeO2 NPs to have different energy barriers (Eb) and secondary energy minima ( min 2φ ).Thus, 
the variations of min 2bE φ−  with ionic strength could be determined from Figure 4a, which presents a typical 
interaction energy profile for the radius of 125 nm. The Arrhenius-EDLVO kinetics equation was then used 
to calculate aggregation rates for the three radii under different ionic strengths. Figure 4b shows that the 
slopes had exponential relationships with the calculated aggregation rate, as indicated by the fitting equations. 
The data points in Figure 4b represent ionic strengths from 0.01 M to 0.1 M. Thus, a high ionic strength (e.g., 
0.1 M) led to a high aggregation rate and a steeper slopes of the aggregation curves. This is reasonable 
because high ionic strength lowers the energy barrier and thus promotes the aggregation rate according to Eq. 
(7). As the aggregate radius increased from 125 nm to 200 nm, the slopes and the calculated aggregation 
rates decreased for each ionic strength, which is in agreement with experimental observations.  
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Figure 4. (a) Total interaction energy profiles under different ionic strengths as calculated by EDLVO theory. (b) Aggregation 
rates calculated from Eq. (7) versus the slopes measured from the aggregation kinetics curves under different ionic strengths as 
marked beside the data points. The aggregation rate on the Y-axis has the unit of 25 2 2 1/2 2.5 0.59 3 10 ( )

4 B AM K T Nπ ρ− − −⋅ ⋅
 and the slope on the X-

axis has the unit of ( )dR t
dt

⎡ ⎤
⎢ ⎥⎣ ⎦

. All the terms in the above equations use SI units. 

 
1.5. Modeling the temperature strength effect on the aggregation kinetics  

As Arrhenius equation is commonly used to describe the temperature effects on reaction rates (39), we 
further extended this equation in predicting the temperature dependence of CeO2 as well as two other metal 
oxide NPs (CuO and Fe2O3) that has a certain relevance for semiconductor industries.  According to the 
Arrhenius-EDLVO kinetics equation in Eq. (3), increasing the temperature will exponentially decrease the 
aggregation rate. Our experimental observations in Figure 5 matched this model prediction.  

In summary, the Arrhenius-EDLVO kinetics model we developed agreed with the experimental results 
and this miodel potentially can predict and analyze the stability and aggregation kinetics of NPs in aqueous 
solution without carrying out TR-DLS experiments. The primary factors to consider include particle size, 
surface charge, surface tension, ionic strength, and 

0,
AB
iwi DGΔ .  

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Figure 5. Temperature effects on aggregation kinetics of CeO2, CuO and Fe2O3 (hematite) NPs 
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2. Aggregation kinetics of silver nanoparticles in open and closed systems 

The wide range of applications of silver nanoparticles (AgNPs) in food processing, clothing and other 
household products provides many opportunities for their release into the environment (4, 9-12).  There is 
much evidence of NP toxicity to bacteria (13, 14), aquatic organisms (15, 16), and mammalian cells (17-20), 
which makes it imperative to understand the likelihood of the exposure, fate, transport, and transformation of 
AgNPs in complex and realistic environmental matrices (21, 22).   

In open systems, different physiochemical processes may occur concurrently with aggregation, 
including mass transfer of oxygen and carbon dioxide between the gas and liquid phases, oxidation of silver 
metals, silver ion release, speciation of silver ions, and equilibrium between precipitation and dissolution (40).  
In contrast, a closed system (anoxic and anaerobic conditions) imposes a low redox potential, and thus 
oxidation processes may be inhibited or slowed.  A considerable level of AgNPs likely enters deep soils, 
river sediments, and underground water, where anaerobic conditions dominate and AgNPs could avoid 
oxidation and reside longer than in aerobic conditions.  Bacteria (especially nitrogen-fixing heterotrophic and 
soil-forming chemolithotrophic bacteria) provide important ecological functions and fundamental services, 
such as nitrogen cycling, to ecosystems.  The persistence of AgNPs may adversely affect beneficial bacteria 
and disrupt ecological functions.  In situ studies have demonstrated that silver, even in larger particle form, 
inhibits microbial growth at concentrations less than those of other heavy metals as well as disrupts 
denitrification processes (41), which means that silver has the potential to cause ecosystem-level disruption.  
Similarly, evidence shows that AgNPs can enter and accumulate in the gastrointestinal (GI) tract of the 
human body and disrupt the intestinal microbial functions, resulting in irritation or disorders of the digestive 
system (9, 42-44).  As mentioned earlier, aggregation is an important environmental behavior that may be 
linked with the fate and biological interactions of AgNPs.  However, no study has investigated or compared 
the aggregation kinetics of AgNPs in open and closed systems yet.  

 
2.1. Characterizations of AgNPs 

Figure 6a shows the morphology of AgNPs we used, which were spherical in shape with a relatively 
uniform size distribution of 40-65 nm and consistent with the manufacturer’s reported size. The inset of 
Figure 6a is a PSD histogram of 40-nm AgNPs immediately after dispersal in DI water.  The peak intensity 
corresponds to approximately 43 nm, which agrees with the diameter determined from AFM.  The DLS 
system reported a Polydispersivity Index (PDI) value of 0.19 for the AgNP suspension and a PDI value 
between 0.1 and 0.25 indicates that the NPs are polydispersed in the suspension with a narrow particle size 
distribution and without significant aggregation or sedimentation.  To determine the surface charge, ζ-
potential was measured under different pHs values.  The relationships between ζ-potential and suspension pH 
for the three NP sizes are shown in Figure 6b.  The zero points of charge (ZPC) for all AgNP sizes were 
approximately pH 2, at which AgNPs are neutrally charged and highly unstable.  In the aggregation 
experiments, the pH was approximately 5.6 (in both DI water and the Hoagland medium), and thus the 
AgNPs were negatively charged according to Figure 6b.  This result agrees with the reported ζ-potential of 
−50 mV for citrate-coated AgNPs with a mean diameter of 4.8 nm (45).   

 
2.2. Attachment efficiency (α) and critical coagulation concentration (CCC)  

Time-resolved dynamic light scattering (TR-DLS) experiments indicated that aggregation of 20- and 
40-nm AgNPs exhibited apparent reaction-limited (slow) and diffusion-limited (fast) regimes under different 
ionic strengths.  The effect of electrolyte addition on particle aggregation kinetics was previously discussed 
and is mainly attributed to the compression of the outer shell of the electrical double layer and the decrease in 
the magnitude of the ζ-potential (46, 47).  As a result, the inter-particle repulsion from electrostatic force is 
reduced, and thus the particle aggregation is greatly promoted.  We confirmed this by measuring ζ-potentials 
of the three sizes of AgNPs at different KNO3 concentrations (results are shown here).  For 20- and 40-nm 
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AgNPs, increasing KNO3 concentrations apparently led to a transition from unfavorable (low α) to favorable 
(high α) aggregation regimes, which is congruent with previous aggregation studies of metal NPs (40, 47-49).  
Because 80-nm AgNPs did not have notable aggregation during the initial 30 min, the attachment efficiency 
was shown as zero in Figure 7.  The estimated CCC from Figure 7 was approximately 100 mM (KNO3) for 
both 20- and 40-nm AgNPs, which did not show significant particle size dependency. 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 6 (a) Images of AgNPs aquired from AFM (the white scale bar at the bottom right is equal to 100 nm); the inset is a 
histogram of particle size distribution. (b) ζ-potentials for different sizes of AgNPs under different pH levels with 0.001 M KNO3 
as the reference electrolyte. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 7 Experimental data on attachment efficiencies (α) and the calculated inverse stability ratios (1/W) for AgNPs as a function 
of KNO3 concentration (pH 5.6). The critical coagulation concentration (CCC) is based on the intersection of the extrapolations of 
the unfavorable and favorable regimes, as marked by the black arrows. The estimated CCC for for 20-, 40-, and 80-nm AgNPs 
were approximatley 100, 75, 50 mM KNO3. 

 
2.3. Aggregation kinetics of AgNPs in the quarter-strength Hoagland medium in open and closed 
systems  

Fig. 8 compares the aggregation kinetics in open and closed systems for three sizes of AgNPs at two 
initial mass concentrations (300 and 600 µg/L).  The graphs in the left and right columns are the 
hydrodynamic radius changes in open and closed systems, respectively.  Clearly, the two systems share some 
common features, as well as some apparent differences.  
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Figure 8. Aggregation kinetics of different sizes of AgNPs in Hoagland medium. The data in the left column 
represent the changes in hydrodynamic radii of AgNPs in open systems, while the data in the right column 
represent the changes in hydrodynamic radii of AgNPs in closed systems. The insets show the linear growth 
of the hydrodynamic radii. 
 

In both systems, the hydrodynamic radii for all NP sizes increased almost linearly within the initial 4~6 
h.  After that, hydrodynamic radius changes became random and trendless in open systems.  The effects of 
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particle size and particle concentration on aggregation rates were similar in both systems.  The slopes (drH/dt) 
of the hydrodynamic radius curves during the linear growth stage, as obtained by the curve fits, indicate the 
aggregation rates. These are shown in the insets of each graph in Figure 8.  For easy comparisons, Table S1 
summarizes the slopes of the fitted curves.  In both open and closed systems and at both initial concentrations, 
20-nm AgNPs had much steeper slopes than did 40- and 80-nm AgNPs, which is consistent with previous 
findings on particle size effects on the aggregation kinetics of hematite NPs (50).  Moreover, increasing the 
initial concentration from 300 to 600 µg/L significantly increased the aggregation rates for all three sizes of 
AgNPs by approximately 21%-49% in open systems and 28%-93% in closed systems, respectively. 

Figure 8 also shows differences in the aggregation kinetics of open and closed systems. After 50 to 150 
h in an open system, the hydrodynamic radii of all sizes of AgNPs began to decline, probably because of 
disaggregation and oxidation of AgNPs.  In contrast, the hydrodynamic radii in closed systems smoothly 
increased and exhibited features of salt-induced aggregation common to other metal NPs (47, 50, 51).  The 
most striking difference between open and closed systems is that the aggregation rates were faster in open 
systems by approximately 3-8 times, as indicated by the slopes shown in the insets.  As a result, AgNPs 
persisted for a longer time in closed systems than in open systems, and Figure 78 shows that the sizes of 
AgNPs in closed systems did not decline during the experiments. 

The ionic strength (I) of the quarter-strength Hoagland medium was approximately 9.1 mM, which was 
determined by the equation I=0.5·ΣciZi

2 (where ci is the molar concentration of one ionic species (i), and zi is 
the valency of the ith ion).  Compared to the CCC (100 mM KNO3) in Figure 7, the aggregation of AgNPs in 
the Hoagland medium should be reaction-limited during the linear stage of aggregation.  One may argue that 
the Hoagland medium contains different divalent and monovalent cations such as Ca2+ and Mg2+, which may 
be more significantly effective in inducing AgNP aggregation than monovalent ions (K+) (46).  However, the 
total ionic strength of the Hoagland medium is relatively low and thus the effects of divalent cations on 
aggregation state can be negligible.  

 
2.4. Implications of AgNP aggregation for aquatic and biological environments. 

Previous studies have extensively studied the influences of monovalent and divalent salts as well as 
natural organic matters (NOM) on the aggregation kinetics, fate, and transport of nanomaterials (52-55).  Our 
work indicates that aerobic and anaerobic conditions also influence the aggregation behaviors of AgNPs, and 
our results suggest that AgNPs tend to aggregate slowly under anaerobic conditions and may appear as 
nanoparticles (instead of aggregates) for a long residence time.  These findings are important for 
understanding the aggregation behaviors of AgNPs in the typical solution chemistries of aquatic 
environments.  Moreover, anaerobic environments not only are common in natural environments (e.g., deep 
soils and underground water) but also are important in biological systems such as the human GI tract.  
Therefore, this study may lay out the ground work for understanding the potential fate and transformation of 
AgNPs in biological fluids or with biological interfaces.  Meanwhile, it is also imperative to conduct a 
systematic fundamental study of aggregation behavior in biosystems and to gain insights about potential 
implications for human health. 
 
3. Cellular and subcellular impairment by exposure to NPs 

Imaging and quantifying interfacial interactions between NPs and biological surfaces is critical to gain 
information that will benefit both applications of nanotechnology and understanding of its potential 
environmental impact.  In this regard, we also extend our research into the biological interactions with metal 
oxides NPs and the following two sections briefly introduce our preliminary results on cellular and genetic 
level impacts from NP exposure.  

 
3.1. Surface disruption of E. coli cells after exposure to hematite NPs 
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As we previously reported, NP exposure led to surface disruption on the human intestinal cell line 
(Caco-2) (56).  The results in Figure 9 demonstrated how individual hematite NPs interacted with live E. coli 
cells through AFM imaging.  The AFM images provided a striking visualization of the adsorption of 
hematite NPs onto E. coli cells and the subsequent disruption in their extracellular appendages (flagella).  
The surface potential of E. coli cells dropped significantly from approximately -100 mV to -600 mV, with the 
adsorption of hematite NPs (results are not shown here).  These findings will lead to a more thorough 
knowledge of nano-bio interfacial interaction mechanisms and allow us to establish criteria for designing 
environmentally benign semiconductor nanomaterials. 
 

 

 

 

 

 

 

 
3.2. Subcellular impairment at the genetic level 

At subcellular level, our recent publication indicated that after the exposure, ultrasmall NPs (e.g., QDs) 
have opportunities to permeate into E. coli cells (57), probably through diffusion across cell membranes (58), 
endocytosis (59), and/or non-phagocytic mechanisms (60).   This study examined the binding of QDs with E. 
coli DNA in vitro and in vivo.  With the unique function, KFM demonstrated its ability to determine the 
morphological and electrical changes in DNA after exposure to QDs as well as to distinguish individual QDs 
from DNA matrices. The results in Figure 10 indicate that nonspecific binding with QDs led to 
transformation of linear DNA into pearl-like spheres.  In vivo experiments showed that QDs could permeate 
into E. coli cells and bind to genomic DNA.  To the best of our knowledge, this is the first successful 
demonstration of the use of KFM to detect single QD-DNA binding. KFM potentially can be used in 
characterization of nanomaterials and their interfacial interactions with biomolecular matrices.  
 

Figure 9 Exposure impacts of hematite NPs on E. coli cells. 

Adsorbed NPs 

Healthy E. coli cell Cell deformation and death  

Cell penetration and genetic 
impacts: DNA damage 

DNA binding with QDs and 
conformation 

Tangled DNA extracted 
from E. coli cells 

Figure 10 DNA binding with QDs and the shift in their conformation from linear to spherical.
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 PART II. Benchmark data describing relationship between 
physicochemical properties and bilayer assay 

 
Summary/Abstract: 

Quantitative structure-activity relationships (QSARs) relate the physicochemical characteristics of 
NPs to their biological toxicity and have the potential to predict the toxic effects and bioaccumulation of 
existing and future engineered NPs used in semiconductor industries. NP toxicity and bioaccumulation are 
typically measured by a series of in-vitro cell culture protocols and by animal exposure tests.   Investigating 
the relationships between the toxicity and bioaccumulation of NPs and their physicochemical properties 
(composition, size, geometry, charge, and molecular structure) is a significant step toward understanding and 
predicting potential risks of nanomaterials. Although the QSAR model has been used successfully for 
decades in classifying hazardous chemicals and for environmental risk assessment, their use in predicting 
toxicity and bioaccumulation of NPs is relatively new due to the lack of physicochemical data required to 
create a useful model.  

Considering the wide range of nanoparticles’ properties and diversity of animal and in-vitro models, it 
is challenging to map the detailed physiochemical properties of nanoparticles to the empirical 
bioaccumulation and toxicology studies.  For organic contaminants, global descriptors such as the 
partitioning between the organic solvent phases (typically n-octanol) and water (KOW) has traditionally been 
used as an empirical approach to evaluate the bioavailability (and from this infer toxicology) of organic 
pollutants and is used extensively in current EPA models.  

In our work, we aim to develop analogous global descriptor methods for predicting bioaccumulation 
and toxicity of nanoparticles that account for the collective influence of nanoparticle properties, in a similar 
way as KOW depends upon multiple parameters of organic pollutants (molecular weight, conformation, 
hydration states, ionic charge, etc).  In this talk we quantify nanoparticle’s lipid-water distribution 
coefficients and disruption of bilayers and use them as a global descriptor that captures the critical 
interactions between nanoparticles and biological interfaces which may be used to predict their 
bioaccumulation and toxicity potential. 

To develop a robust QSAR model capable of predicting the toxicity of semiconductor nanomaterials, 
this report summarizes recent experimental results focusing on developing global descriptor for nanoparticles 
bioaccumulation and toxicity using lipid bilayer based assays.  The bilayer assay measures the distribution of 
nanoparticles between water and a bilayer surface in the goal of developing a predictive empirical method 
for predicting NP bioaccumulation in organisms.  
 
Technical Results and Data: 

The partitioning of organic pollutants between octanol and water (Kow) traditionally has been used as 
an empirical approach to evaluate the fate and bioaccumulation potential of organic pollutants (5, 6) and is 
used extensively in current EPA ecotoxicity models such as EPI Suite, ECOSAR, and AQUATOX.  
Characterization of ENMs often involves numerous physical and chemical measurements of size distribution, 
shape, aqueous zeta potential, surface functionality, surface area, etc.  However, it is challenging to transition 
from these precise measurements to models suitable to assess the fate and bioavailability of ENMs in the 
environment, especially in complex matrices.  Global descriptor methods such as partitioning have begun to 
be employed for ENMs.  Kow recently was determined for carbon nanotubes (7), C60 (8), and dentrimers (9).  
These measurements provide valuable insights into the relevancy of Kow to the fate, transport, and 
bioaccumulation potential of ENMs.  However, we and others (9, 10) have observed that ENMs in octanol-
water systems can accumulate at interfaces and form emulsions that complicate the design, quantification, 
and interpretation of Kow experiments and thus their use in predictive models.  There is an opportunity to 
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develop quantitative approaches for predicting bioaccumulation of ENMs that account for the collective 
influence of ENM properties in a manner similar to the way in which Kow or lipid-water partitioning depends 
upon single or multiple parameters of organic pollutants such as molar volume, aqueous solubility, and 
acidity constants (11-13).   

Synthetic lipid bilayers, which mimic natural biological membranes, have been used increasingly as 
replacements for octanol in partitioning studies.  The lipid bilayer-water distribution coefficient (Klipw) has 
been shown to be a more appropriate descriptor than Kow for the biological membrane uptake of some classes 
of hydrophobic (11,14, 15) and ionizable organic pollutants (16) as well as surfactants (17).  The 
thermodynamics of fish lipid-water and simulated biological membrane-water partitioning is different from 
octanol-water partitioning. The disparity is thought to originate from the highly organized structure of 
biological membranes as opposed to bulk solvent octanol (15, 18).  We hypothesize that the ionizable 
surfaces of some ENMs may be analogous to ionizable organic pollutants, and as such Klipw may be more 
valuable than Kow in prediction of bioaccumulation.  Lipid bilayers’ mass is nearly all at the interface and can 
be quantified, eliminating the difficulty encountered in the octanol-water partitioning of surface-active 
compounds and potentially some types of ENMs that may also partition to interfaces.  The most widely used 
technique to determine lipid bilayer-water distribution coefficients is the equilibrium dialysis method in 
which water and a liposome suspension (i.e., lipid bilayer vesicles) are separated by a dialysis membrane that 
allows the diffusion of chemicals but not the liposomes (14, 16, 17, 19-22).  However, using dialysis 
membranes to separate the water and liposomes may hinder ENM diffusion and promote mass losses 
considering that unilamellar liposomes generally have sizes <100 nm, close to those of ENMs.   

In this work, we examine the lipid bilayer-water distribution behaviors of ENMs using solid-supported lipid 
membranes (SSLMs) (23, 24) with the goal of developing a quantitative method for assessing the interaction 
at this critical nano-biological interface (25).  We use commercial lipid bilayers noncovalently coated on 
silica spheres, which offer the advantage that the relatively dense SSLMs can be separated easily from free 
ENMs by gravitational settling. SSLMs have been used in partitioning studies of pharmaceutical compounds 
(24) and organic acids (19), and the results are consistent with those obtained by the equilibrium dialysis 
method.  We selected nC60 and polyhydroxylated C60 (i.e., fullerol) for lipid bilayer-water distribution tests 
because nC60 and fullerol are the focus of recent ecotoxicology, fate, and transport studies (1), and fullerol-
like C60 derivatives are potential transformation products of nC60 in the aquatic environments (26-28).  
Cerium oxide nanoparticles are used because they are a representative of the particles used in chemical 
mechanical polishing and selected for the round robin within the ERC.  We show that the particles exhibit 
pseudo-equilibrium distributions between water and lipid bilayers after equilibration and can be fit using 
conventional nonlinear Langmuir or Freundlich isotherm models. The accumulation of cferium and ullerene 
nanoparticles in the lipid bilayers increases as pH decreases, consistent with the increased zeta potential 
magnitude (i.e., less negative) of nanoparticles and lipid bilayers.  Finally, the results from the SSLM and 
ENM interaction studies are compared with recent bioaccumulation and toxicity studies using aquatic 
organisms. 

Interaction Kinetics  
The interaction kinetics studies of particles with SSLM are shown in Figure 2.  nC60 (6.5 mg/L) 

reached pseudo-equilibrium after mixing with SSLM (0.46 mM lipid) for 9 h at pH = 7.4, losing 25% of its 
mass to SSLMs (Figure 2a, solid symbols). We found that the kinetics is pH dependent.  At pH = 5, the nC60 
(6.5 mg/L) reached pseudo-equilibrium in 30 h, losing 75% of its initial concentration.  Some of the initial 
loss was due to nC60 sorption to walls of the vials.  For example, nC60 in control samples (Figure 2a, open 
symbols) without SSLM present decreased by 25 and 35% of its initial concentrations at pH = 7.4 and 5, 
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respectively, due to loss to vial walls.  We analyzed the nC60 concentration after shaking control vials, thus 
ruling out the loss as being due to sedimentation.  The as-prepared nC60 size remained constant after 20 h of 
mixing with electrolytes at both pH values (data not shown), but the zeta potential changed from - 54 mV to - 
31 mV and from - 40 mV to - 14 mV for pH values of 7.4 and 5, respectively.  The reduction in zeta potential 
may be attributed to the presence of counter ions in the electrolyte (i.e., H+, Na+ and K+), that screen the 
surface charge.  The greater decrease in the electrostatic repulsion between lipid bilayers and nC60 at pH = 5, 
based on the zeta potential change, may explain the faster interaction rate.   

Cerium reaching equilibrium in less than five hours loosing roughly 20% of its mass to the bilayers.  The 
control samples were stable suggesting that no mass is lost to the vial walls.  The size of the cerium remained 
constant over the experiment duration at roughly 90 nm. 

The accumulation of fullerol in SSLMs reached pseudo-equilibrium more rapidly, in 2 h, showing negligible, 
22, and 27% loss of initial concentrations at pH = 7.4, 5, and 3, respectively.  Additional kinetic data varying 
initial fullerol concentrations from 26 to 86 mg/L at pH = 3 or 5 also show pseudo-equilibrium in 2 h (Figure 
S3).  The fullerol concentrations in the control samples were stable, indicating no loss to the vial walls.  The 
zeta potential of fullerol stayed relatively constant, slightly decreasing from -46 to -58 mV at pH = 5 and 
from -59 to -65 mV at pH = 7 during the period of equilibration, and its size was fairly constant at 150 nm.  

 Distribution Isotherms  
The equilibrium distribution of nC60, fullerol, and cerium oxide between SSLM and the aqueous 

phase in the pH range of 3 to 8.6 is presented in Figure 3; Cw, eq spans nearly two orders of magnitude.  nC60 
accumulated in SSLMs to a greater degree at pH = 5 than 7.4.  Fullerol also exhibits pH-dependent 
distribution behaviors with accumulation in SSLM increasing with decreasing pH.  The nonlinearity between 
Cw, eq and Clip, eq at higher concentrations may be attributed to the accumulation of nanoparticles on the SSLM 
surface and modification of the lipid surface charge characteristics leading to repulsion of like-charged 
nanoparticles.  We estimate that nanoparticles cover ≤10% of the SSLM total surface area at the highest 
nanoparticle dose used, assuming monolayer coverages. The cerium partitions onto the bilayer three times 
greater than fullerols at the same pH.   

 
We use Langmuir and Freundlich isotherm models to fit the data because of the nonlinearity in distribution 
isotherms. Langmuir isotherms, such as those shown in Figure 4, display marginally better fits as measured 
using r-squared values.  The Freundlich model fits are presented in Figure S4, and the fitting parameters of 
both models are summarized in Table 1.  Although we tend to use the two isotherm models as empirical 
fitting tools for the data presented here, there are some interesting trends in the fitted parameters.  The 
Freundlich adsorption capacity parameter (KF) increases with decreasing pH and is consistent with the 
observed accumulation trends for nC60 and fullerol. The fullerol Freundlich adsorption intensity parameter 
(n), an indication of propensity to sorb additional adsorbates, decreases with increasing pH, indicating that it 
is more difficult for SSLM to accumulate additional fullerol at higher pH (34).  Fullerol’s Langmuir 
maximum accumulation capacity (Klip, max) increases with decreasing pH in accord with the observed 
accumulation trend. 
 
Environmental Implications  

Bioconcentration factor (BCF), defined as chemical concentration measured in biota divided by 
chemical concentration measured in water, traditionally has been used to assess the bioaccumulation 
potential of chemicals (34).  Tervonen et al. (35) recently reported the bioconcentration factors of nC60 
measured using Daphnia magna as a test organism.  They reported log BCFs of 3.3 to 3.8 (L/kg) at pH = 7, 
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which compares reasonably to our log Klipw ≈ 3.00 (by the Langmuir model) and 3.14 to 3.30 (L/kg) (by the 
Freundlich model) for nC60 at pH = 7.4 under similar exposure concentrations of 0.5 to 2 mg/L.  In our 
previous work, we quantified the interactions of nC60 and fullerol with heterotrophic bacteria wastewater 
biomass.  We showed that nC60 was removed by biosorption to the biomass to a greater extent than fullerol, 
which is qualitatively consistent with the current observations for SSLMs (36).  Toxicity studies on human 
cell lines, bacteria, and fish indicate that nC60 was more toxic than fullerol (37-39), consistent with the strong 
nC60 interactions with lipid membranes observed in this work.  No bioaccumulation studies have been 
conducted with cerium, so no comparison was made for that work. 

This work presents the first quantitative study of the distribution of fullerene nanoparticles between lipid 
bilayers, which mimic natural biological membranes, and water.  This is a potential first step toward the 
prediction of the bioaccumulation potential of ENMs.  The findings from this work indicate that the lipid 
bilayer-water distribution of nC60 and fullerol is a pseudo-equilibrium process that exhibits pH dependency in 
Klipw.  This observation is analogous to partitioning of ionizable organic pollutants.  Our comparisons with 
organism bioaccumulation studies suggest that lipid bilayer-water distribution is a promising method for 
predicting the bioaccumulation potential of ENMs.  Studies of ENMs with different core compositions, 
surface coatings, sizes, and shapes are needed and more quantitative research in determining BCFs using 
aquatic organisms in field studies or in simulated environments is critical to further validate the lipid bilayer-
water distribution technique in the prediction of ENM bioaccumulation. 
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Supplementary Information: 

 
Figure 1.  We are quantifying adsorption of ENM to lipid bilayers supported on 10 micron silica spheres.  These commercially 
available solid-supported lipid membranes (SSLM) greatly improve the speed and accuracy of measurements and enable the 
quantification of lipid surface area. Varied concentrations of SSLM and ENMs are  placed in glass vials and mixed on a rotary 
mixer in an end-over-end action.  At equilibrium, vials will be sit quiescently, allowing the SSLM beads to settle to the bottom and 
the supernatants containing free ENMs will be drawn for analysis of concentrations. 
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Figure 2.  Interaction kinetics of nC60 (a), fullerol (b), and cerium oxide (c) with solid-supported lipid bilayer 
membranes (SSLMs), indicating the loss of NP in samples containing SSLM with [lipid] = 0.47 mM at pH = 7.4 (▲), 
5 (■) or 3 (♦) and in samples without SSLM at pH = 7.4 (Δ), 5 (□), or 3 (◊).  The initial nC60 concentration was 6.5 
mg/L at pH = 7.4 and 5.  The initial fullerol concentrations were 8.0, 11.0, and 11.0 mg/L at pH = 7.4, 5, and 3, 
respectively. 

 

(a) (b) (c) 
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Figure 3.  Distribution of nC60 (a) and fullerol and cerium oxide (b) between water and solid-supported lipid bilayers, 
indicating the isotherms at pH = 3 (♦), 4 (□), 5 (■), 7.4 (Δ), and 8.6 (▲).  The red square shows the cerium oxide NP.  
Lines represent the fit of Langmuir isotherms to the experimental data.  Error bars indicate one standard deviation. 
Standard deviations of some data points are smaller than the symbols.  The standard deviations for experimental data at 
pH = 8.6 were not plotted, as the values become negative, which is not valid in logarithmic plots, but the standard 
deviations are in the range of 600-1700. 
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